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higher abundance & lower diversity near
outfall.

• Small, wetland-situated WWTP had lower
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• WWTPs impaired water quality of down-
stream sites, especially in winter.

• Benthic communities closest and farthest
from the outfall were the most dissimilar.
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Treated effluent frommunicipalwastewater treatment plants (WWTPs) is amajor source of contamination that can impact
population size, community structure, and biodiversity of aquatic organisms. However, because the majority of field re-
search occurs duringwarmer periods of the year, the impacts ofwastewater effluent on aquatic communities duringwinter
has largely been neglected. In this study, we assessed the impacts of wastewater effluent on aquatic benthic macroinver-
tebrate (benthos) communities along the effluent gradients of two WWTPs discharging into Hamilton Harbour, Canada,
during summer and winter using artificial substrates incubated for 8 weeks. At the larger of the two plants, benthic mac-
roinvertebrate abundance was higher and diversity was lower at sites downstream of the outfall compared to upstream
sites in both seasons. Whereas at the smaller plant, the opposite was observed, abundance increased and diversity de-
creased with distance from the outfall in both seasons. While the impacts of wastewater on benthic communities were
largely similar between seasons, we did detect several general seasonal trends – family diversity of macroinvertebrates
was lower during winter at both WWTPs and total abundance was also lower during winter, but only significantly so at
the smaller WWTP. Further, benthic macroinvertebrate community composition differed significantly along the effluent
gradients, with sites closest and farthest from the outfall being the most dissimilar. Our contrasting results between the
WWTPs demonstrate that plants, with different treatment capabilities and effluent-receiving environments (industrial/
urban versus wetland), can dictate how wastewater effluent impacts benthic macroinvertebrate communities.
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1. Introduction

Effluents discharged from municipal wastewater treatment plants
(WWTPs) are one of the largest sources of aquatic pollution (by volume)
in many parts of the world (Holeton et al., 2011; Hamdhani et al., 2020).
Wastewater effluents, although treated in many jurisdictions, still contain
a wide variety of contaminants beyond just phosphates and nitrogenous
waste products, such as pharmaceuticals and personal care products
(PPCPs), natural and synthetic hormones, micro- and macroplastics, agri-
cultural and industrial chemicals, and metals (Daughton and Ternes,
1999; Kolpin et al., 2002; Ternes et al., 2004; Holeton et al., 2011;
McCormick et al., 2016; Hamdhani et al., 2020). The continuous release
of wastewater effluents into waterbodies subjects aquatic biota to chronic
exposure of complex mixtures of contaminants, eutrophication, oxygen de-
pletion, thermal pollution, and overall habitat degradation (Brown et al.,
2011; Holeton et al., 2011; Tetreault et al., 2013; Hamdhani et al., 2020).
As a result, aquatic organisms residing in effluent-receiving habitats are af-
fected across all levels of biological organization, from molecular initiating
events all the way up to population and community responses (Saaristo
et al., 2014; Bahamonde et al., 2015; Fuzzen et al., 2015; McCallum et al.,
2017, 2019; Du et al., 2018, 2019; McLean et al., 2019; Mehdi et al.,
2018, 2021; Lau et al., 2021). As urban populations continue to grow, so
too will the reliance on WWTPs, and by extension, the concerns regarding
the impacts of their effluents on aquatic ecosystems (Sumpter, 2009;
Bernhardt et al., 2017).

To date, most studies on the impacts of WWTP effluents have been con-
ducted during warmer months of the year, and as a result, it is unclear
whether similar impacts occur at colder temperatures, and if so, to what de-
gree. In many parts of the world, winter is a dominant season, with its ef-
fects lasting 4–8 months of the year; therefore, understanding the impacts
of such a ubiquitous contaminant as wastewater effluent in a season as
dominant as winter is of crucial importance. Additionally, the effectiveness
of WWTPs and therefore the quality of their effluents is poorer at colder
temperatures (i.e., winter) than at warmer temperatures (i.e., summer;
Vieno et al., 2005; Sui et al., 2011; Yu et al., 2013; Kot-Wasik et al.,
2016). This is mainly due to poorer influent degradation at colder temper-
atures aswell as elevated usage of PPCPs, caffeine, and health products dur-
ing winter (Vieno et al., 2005; Sui et al., 2011; Yu et al., 2013; Kot-Wasik
et al., 2016). The higher concentrations of PPCPs, nitrogenous waste prod-
ucts, and nutrients, and the overall poorer quality of wastewater effluent
during winter suggests that the impacts on aquatic organisms may also be
greater during winter. Further, effluents discharged during winter can in-
crease water temperature by as much as 5–10 °C in effluent-receiving envi-
ronments, potentially providing thermal refuge for aquatic organisms
(Environment Canada, 2001; Kinouchi et al., 2007). Taken together, the ef-
fects of thermal pollution and nutrient enrichment may increase food avail-
ability, potentially causing wastewater outfalls to act as ecological traps,
particularly during winter, when the impacts of wastewater effluent expo-
sure may be magnified (McCallum et al., 2019; Mehdi et al., 2021).

While impacts of wastewater effluent have been well established on the
individuals, comparatively, few studies have addressed how wastewater
may impact aquatic populations and communities. This is surprising
given how relevant such ecological endpoints are in determining habitat
quality and evaluating risks, especially in environments impacted by an-
thropogenic disturbances (Fausch et al., 1990; Cvetkovic et al., 2010).
One strategy for examining the impacts of wastewater effluent on
ecosystem health is the use of aquatic benthic macroinvertebrates as
bioindicators. Benthic macroinvertebrates are commonly used as
bioindicators of water quality in rivers and lakes as they (i) are highly di-
verse and range widely in sensitivity to disturbances, (ii) typically have
small home ranges, and (iii) are easily collected and identified
(Krumhansl et al., 2015; Resh and Unzicker, 1975; Jones et al., 2007). Ben-
thicmacroinvertebrates also play an important role in the transformation of
nutrients (Krumhansl et al., 2015; Gleason and Rooney, 2017) and are an
important food source for fish, amphibians, and birds (Covich et al.,
1999). Although little is known about the impacts of wastewater effluent
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on benthic macroinvertebrate communities, a few notable studies have
demonstrated thatwastewater effluent can indeed affect foodweb structure
and function through shifts in community composition and leaf litter com-
position, changes in trophic status of receiving systems, and changes in bio-
diversity and in biological integrity indices (Ortiz et al., 2005; Englert et al.,
2013; Huong et al., 2017; Burdon et al., 2019; Peschke et al., 2019; dos Reis
Oliveira et al., 2020; Jesus et al., 2020). However, as mentioned above, the
seasonal impacts posed by wastewater effluent on ecosystems have rarely
been investigated, particularly during the winter – a season seldom studied
in ecotoxicology.

The aim of the present study was therefore to compare the impact of
wastewater treatment plant effluent on benthicmacroinvertebrate communi-
ties between summer and winter. To do this, we examined the impacts of
wastewater effluent on benthic macroinvertebrate communities near a
large and small WWTP during summer and winter. The two WWTPs are
both located within the Hamilton Harbour watershed in Ontario, Canada,
one of 43 areas of concern under the Great Lakes Water Quality Agreement
(2012). Wastewater pollution is a stressor of special concern in Hamilton
Harbour, as it is estimated that ~50% of its non-lake inflow is of WWTP ori-
gin (Lawrence et al., 2004; Government of Canada, 2017). Benthic macroin-
vertebrate samples were collected along a distance and contamination
gradient from each WWTP, thereby allowing us to assess the longitudinal ef-
fects of wastewater effluent in both summer and winter. Additionally, we
measured a suite of water quality parameters and habitat quality characteris-
tics to assess the abiotic impacts of wastewater contamination. We predicted
that wastewater would significantly impair the physical and chemical quality
of effluent-receiving environments, thereby affecting benthic macroinverte-
brate communities at these impacted sites (Hamdhani et al., 2020; van der
Meer et al., 2021). Because the continuous discharge of wastewater effluents
leads to the degradation of benthic habitats in effluent-receiving environ-
ments, we expected sites closer to the effluent outfalls to have reduced
richness and diversity of benthic macroinvertebrates, and be most composi-
tionally distinct from sites farther away (Walsh et al., 2005). Since effluent
quality and therefore, water quality of receiving environments would likely
be worse during the winter, we expected the associated impacts on benthic
macroinvertebrate communities to be more apparent during the winter.

2. Materials and methods

2.1. Sampling regime

This study was conducted during the summer of 2018 and the winter of
2019–20. Benthic macroinvertebrates were collected using artificial sub-
strates deployed at 10 sites located along the effluent gradients of the Dun-
das and Woodward WWTPs discharging into Hamilton Harbour (further
described in Sections 2.1.1 and 2.1.2; Fig. 1). Site selectionwas based on ac-
cessibility in both summer andwinter and because these sites were part of a
long-term research program (McCallum et al., 2019; Mehdi et al., 2021;
Nikel et al., 2021).

2.1.1. Large Woodward WWTP
The Woodward WWTP is a secondary conventional activated sludge

plant that serves ~480,000 people in Hamilton, Stoney Creek, and
Ancaster, Canada; it has a daily capacity of 409 million litres, making it
the largestWWTP in Hamilton (City of Hamilton, 2019). This plant releases
its effluent into the Red Hill Creek which connects to the southeastern cor-
ner of Hamilton Harbour (Fig. 1A). Five sites were sampled along the efflu-
ent gradient of the Woodward WWTP, three of which were downstream:
WDS1 (outfall), WDS2 (350 m), and WDS3 (850 m), and two of which
were upstream located in Red Hill Creek: WUS1 (1400 m upstream) and
WUS2 (1000 m upstream). Two reference upstream sites were selected be-
cause in 2022, one of the reference sites (WUS2) will become the new out-
fall site of the Woodward WWTP as part of ongoing upgrades to the plant
(City of Hamilton, 2019). Therefore, our study may serve as a baseline of
the conditions of benthic macroinvertebrate communities and water qual-
ity prior to the upgrades.



Fig. 1.Maps showing A) the location of the Dundas andWoodwardWWTPs in Hamilton Harbour as well as a close-up view of the sampling sites: B) the DundasWWTP (with
an arrow indicating the direction of flow in the Desjardins Canal) and C) the WoodwardWWTP (with the grey dotted line indicating the wastewater outflow from the plant
and an arrow indicating the direction of flow in the Red Hill Creek). D) Photograph of a representative rock basket filled with substrate and equipped with a temperature
logger (see arrow) before deployment. Sampling sites in red are in the direct flow of the effluent outfall, whereas sites in blue are not in the direct flow of the effluent
outfall. Sites were named as follows: Dundas downstream (DDS); WUS (Woodward upstream); WDS (Woodward downstream).
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The Woodward WWTP is situated in a heavily industrialized part
of Hamilton (East Hamilton Harbour), and all sampling sites were
anthropogenically modified. All sites were in close proximity to
urban structures, showed clear modifications to the shoreline, had
relatively narrow riparian zones, and substrate was predominantly
comprised of cobble and boulder in the downstream sites and cob-
ble and silt in the upstream reference sites. See Supplementary
Material Table S1 for further details on habitat characteristics of
our sampling sites.
2.1.2. Small Dundas WWTP
The smaller Dundas WWTP is a conventional activated sludge plant

with tertiary filtration that serves the majority of the Dundas popula-
tion (~30,000 people) and has a daily capacity of 18.2 million litres.
It is located on the west end of Cootes Paradise Marsh, the largest wet-
land of western Lake Ontario (City of Hamilton, 2019). Effluent from
the plant is discharged along an old shipping corridor, the Desjardins
Canal, located on the westernmost end of Cootes Paradise Marsh
(Theysmeyer and Bowman, 2017). Three of the sites sampled were
in the direct flow of the effluent: DDS1 (outfall), DDS2 (550 m down-
stream), and DDS3 (1000 m downstream). Additionally, because the
WWTP outfall is located at the head of the stream, there were no up-
stream sites of the Dundas WWTP, therefore two distant, but down-
stream reference sites were sampled: DDS4 (2800 m downstream)
and DDS5 (3750 m downstream). Neither of these sites were in the di-
rect flow of the effluent, therefore effluent exposure was less than in
sites that were in the direct flow of the effluent (DDS1, DDS2, and
DDS3).

The Dundas WWTP is situated in a less industrialized part of
Hamilton (West Hamilton Harbour) and has a much larger surrounding
riparian zone than the Woodward WWTP. Sites closest to the outfall of
the Dundas WWTP (DDS1 and DDS2) were the most anthropogenically
disturbed with clear modifications to the shoreline and were in close
proximity to urban structures. Sites farther away from the outfall
(DDS3–DDS5) were more natural, surrounded by wetland and natural
forest habitats, and were less disturbed than sites near the outfall. See
Supplementary Material Table S1 for further details on habitat charac-
teristics of our sampling sites.
3

2.2. Benthic macroinvertebrate collection, enumeration, and identification

Benthicmacroinvertebrates were sampled usingwire baskets filledwith
2 kg of prewashed crushed granite rocks (mean ± SE surface area of all
rocks within a basket = 24.6 ± 1.21 cm2; Fig. 1D). The prewashed and
premeasured rocks in the wire baskets were used to standardize the type
and amount of available substrate across the sampling sites (actual site sub-
strate included: boulder, cobble, gravel, sand, and silt; see Supplementary
Table S1 for details on substrate and habitat characteristics). Rock baskets
were placed at the sampling sites by lowering them onto the substrates, at
a depth of 0.5–1.0 m and within 2 m from the shoreline. Baskets were left
in contact with the existing sediment and suspended by rope to prevent
them from sinking into the substrate if the substrate was too soft. The bas-
kets were left to be colonized by benthic macroinvertebrates for 8 weeks in
both seasons. In the summer of 2018, 60 rock baskets (n= 6/site) were de-
ployed from July 10th until September 4th at the Dundas WWTP sampling
sites and from July 15th until September 10th at the Woodward WWTP
sampling sites; of these, 51were retrieved. Winter baskets were initially de-
ployed in December 2018, however, high water levels led to difficulties
with their retrieval causing the winter sample collection to be delayed
until winter 2019–20. Forty-five rock baskets (n = 5/site) were deployed
from November 16th, 2019 to January 10th, 2020 at the Dundas WWTP
sampling sites and from November 17th, 2019 to January 11th, 2020 at
theWoodwardWWTP sampling sites; of these, 38were retrieved. Rock bas-
kets could not be deployed in the winter at one of the reference sites (DDS5;
Dundas WWTP) due to ice cover and all rock baskets deployed at WDS3
(Woodward WWTP) in the winter were lost due to vandalism. See Supple-
mentary Table S2 for additional details on rock basket deployment. Each
rock basket was retrieved by lifting it out of the water inside a D-net
(500 μmmesh size) to prevent sample loss, and then the rocks were washed
into a 500 μm-sized sieve to collect the invertebrates. Samples were imme-
diately preserved in 10% sugar-buffered formalin before being transferred
into 70% ethanol. For the majority of samples, all invertebrates were iden-
tified and counted. However, if the samples were too dense (>400 individ-
uals in the first quadrant), then they were subsampled in halves or in
quarters (see Supplementary Table S2 for details on subsampling). For enu-
meration, samples were emptied into a large dishpan and benthic macroin-
vertebrates were identified to the lowest practical taxonomic level (family)
followingWest Virginia Department of Environmental Protection (n.d.), St.
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Lawrence River Institute Environmental Sciences (2005), and Witty and
Sarrazin-Delay (2014).

2.3. Habitat characterization and water quality

Habitat characteristics were assessed based on the protocols of
McCallum et al. (2019) and a subset of metrics of the Qualitative Habitat
Evaluation Index (Taft and Koncelik, 2006; Strickland et al., 2010). At
each sampling site, the following parameters were assessed: water depth,
water clarity (Secchi disk), substrate type, sediment particle size, shoreline
slope, degree of sinuosity, degree of anthropogenic modifications, riparian
zone width, degree of estimated bank erosion, and the presence of any
aquatic plants (see Supplementary Table S1).

At each site, four times in summer and three times in winter, we
measured the following water quality parameters: water temperature
and dissolved oxygen (YSI ProODO), pH, conductivity, total dissolved
solids (TDS), and salinity (Oakton multiparameter Testr); (Table 1).
Also, long-term temperature data were collected for 14 days using
HOBO Pendant MX temperature loggers (Onset Computer Corp) de-
ployed at the outfall site and a reference site of each WWTP in both
seasons at a depth between 0.5 and 1.0 m (Fig. 1D). At each site, 1 L
water samples were collected at mid-water depth using a 2.2 L Van
Dorn sampler (Wildco Alpha) and later analyzed for total ammonia +
ammonium, nitrate, nitrite, ortho-phosphate, total phosphorus, and
total Kjeldahl nitrogen by the City of Hamilton Environmental Labora-
tory (methods as in McCallum et al., 2019). Additionally, 24-h compos-
ite samples of the effluent were collected twice a week directly from
each WWTP just before discharge during the summer and winter of
2019 (summer: nDundas = 7, nWoodward = 8; winter: nDundas = 8,
nWoodward = 8). The following water quality parameters were measured
in the composite effluent samples: total suspended solids, biochemical
oxygen demand, total phosphorus, total Kjeldahl nitrogen, ammonia, ni-
trate, nitrite, and Escherichia coli (measurements provided by the City of
Hamilton and can be found in Supplementary Table 3).

2.4. Statistical analysis

Statistical analyses were performed using R (version 4.0.4; R Core
Team, 2021) and graphics were made with Prism (version 9) and R.
Water quality parameters were analyzed collectively using a permutation
MANOVA with 5000 permutations to assess the effects of proximity to
the outfall and season. For all biodiversity metrics calculated, we used
each rock basket to represent a replicate and an individual observation.
Total abundance, family richness, and family diversity (Shannon's Index)
were analyzed (after being log-transformed due to heterogeneity of vari-
ance) using permutation linear models (PLMs) with 5000 iterations from
the lme4 and predictmeans packages (Bates et al., 2015; Luo et al., 2020).
We analyzed the response variables for each WWTP separately because
the sampling site order differed between the two plants. At the Woodward
WWTP, sampling site type (i.e., upstream or downstream; categorical), sea-
son (summer or winter; categorical), and their interaction were included in
the model. Whereas at the Dundas WWTP, sampling site order (numeric),
season (categorical), and their interaction were included in the model.
This type of analysis allowed for response variables to be interpreted
along a ‘gradient of contamination’ at the DundasWWTP and as ‘upstream ver-
sus downstream’ at the Woodward WWTP. Principal Coordinate Analysis
(PCoA)with a Bray-Curtis dissimilaritymatrixwere used to analyze benthic
macroinvertebrate community composition differences between sites and
seasons for eachWWTP (Oksanen et al., 2019). PCoA biplotswith 80% con-
fidence ellipses overlaid on each site were used to visualize beta diversity
differences across sites within each WWTP and season (Oksanen et al.,
2019). Community composition differences across sites and between sea-
sons were further analyzed using a permutation ANOVA with 5000 permu-
tations using adonis2 (Vegan package; Oksanen et al., 2019). Similarity
percentages analysis (SIMPER; Oksanen et al., 2019) assisted with identify-
ing which family groups were driving the between-site differences in
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community composition in each season. While all benthic macroinverte-
brate families sampled were included in the analysis, only those that con-
tributed ≥5% to the total abundance were further interpreted using
permutation tests (n= 5000). In all analyses, a difference was deemed sig-
nificant when p < 0.05.

3. Results

3.1. Water quality

3.1.1. Large Woodward WWTP
Water quality differed significantly between downstream (WDS1,

WDS2, and WDS3) and upstream sites (WUS1 and WUS2) in both seasons
at the Woodward WWTP (Table 1). Across all sites, pH, conductivity,
total dissolved solids, salinity, and total ammonia nitrogen (p = 0.08)
were higher in the winter, whereas only water temperature was higher in
the summer. At the downstream sites in summer, total nitrogen, total ni-
trate nitrogen, total phosphorus, and soluble reactive phosphorus were all
significantly higher relative to sites upstream, while the opposite was true
for dissolved oxygen and pH. Whereas at the downstream sites in winter,
water temperature, total nitrogen, total ammonia nitrogen, total nitrate ni-
trogen, total phosphorus, and soluble reactive phosphorus were all higher
relative to the upstream sites, the opposite was true for dissolved oxygen
and pH (all contrasts were p < 0.05 unless otherwise stated). Data from
the temperature loggers revealed no difference in water temperature be-
tween the outfall site (WDS1) and the reference site (WUS2) in the summer
(Linear Model, tSummer = 0.42, p= 0.68); however, during the winter, the
outfall site was on average ~9 °C warmer than the upstream site (Linear
Model, tWinter = 22.30, p < 0.001).

3.1.2. Small Dundas WWTP
Similar to the Woodward WWTP, water quality varied significantly

with distance from the effluent outfall in both seasons (Table 1). Across
all sites, water temperature, total phosphorus, and soluble reactive phos-
phorus were all higher in summer, whereas pH, total nitrogen, total ammo-
nia nitrogen, total nitrate nitrogen, conductivity, total dissolved solids, and
salinity were higher in winter. In summer, total nitrogen, total nitrate nitro-
gen, conductivity, total dissolved solids, and salinity were all highest near
the outfall site, and decreased with distance from the WWTP, while pH,
temperature, and soluble reactive phosphorus increased with distance
from the outfall. In winter, water temperature, total nitrogen, total ammo-
nia nitrogen, total nitrate nitrogen, conductivity, total dissolved solids,
and salinity were all highest near the outfall and decreased with distance
from the treatment plant, while only pH increased with distance from the
outfall. Temperature data loggers revealed that the outfall (DDS1) and ref-
erence (DDS4) sites had similar water temperatures during summer (Linear
Model, tSummer= 1.49, p=0.15), but the outfall site was on average ~8 °C
warmer than the reference site in winter (Linear Model, tWinter= 25.25, p<
0.001).

3.2. Benthic macroinvertebrate community metrics

3.2.1. Large Woodward WWTP
At the Woodward WWTP sampling sites, we collected 36,854 benthic

macroinvertebrates (mean ± SE = ~929 ± 189/basket in summer
and ~681 ± 229/basket in winter; Table 2). Overall, benthic macroinver-
tebrate abundance and family richness did not significantly differ between
summer and winter (PLM; tAbundance(1,41) = 1.04 p = 0.30; tRichness(1,41) =
1.48, p=0.09; Fig. 2A and B; S1A and S1B). However, family diversitywas
significantly lower in winter than in summer (PLM; tDiversity (1,41) =−3.98,
p< 0.001; Fig. 2E and F). Benthicmacroinvertebrate abundancewas higher
in sites downstream of the effluent outfall compared to upstream sites in
both summer (PLM; t(1,41) = 7.35, p < 0.001; ~21 times; Fig. 2A) and
winter (t(1,41) = 4.64, p < 0.001; ~149 times; Fig. 2B). In contrast, family
diversity was significantly lower at sites downstream of the outfall relative
to those upstream in both seasons (PLM, tSummer(1,41) =−5.57, p < 0.001;
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Table 2
Benthic macroinvertebrate counts at each sampling site (abundances are denoted as Summer | Winter, “-” indicates no information for that specific site). Count data are
shown as the total number of invertebrates collected in all rock baskets per site (see Supplementary Table S3 for sample sizes by site and season).

Organism
type

Order Family Woodward WWTP Dundas WWTP

WUS1
(−1400 m)

WUS2
(−1000 m)

WDS1
(outfall)

WDS2
(350 m)

WDS3
(850 m)

DDS1
(outfall)

DDS2
(550 m)

DDS3
(1000 m)

DDS4
(2800 m)

DDS5
(3750 m)

Amphipods Amphipoda Gammaridae 27 | 66 23 | 1032 0 | 0 6 | 2 0 | – 2 | 6 57 | 221 56 | 216 9344 | 1046 160 | –
Isopods Isopoda Asellidae 42 | 33 41 | 47 7711 | 10,966 5260 | 912 4164 | – 95 | 16 98 | 70 719 | 9 100 | 58 479 | –
Leeches Arhynchobdellida Erpobdellidae 63 | 6 32 | 6 56 | 45 527 | 108 100 | – 0 | 2 31 | 0 26 | 0 4 | 1 112 | –

Rhynchobdellida Glossiphoniidae 20 | 0 8 | 1 0 | 0 483 | 0 136 | – 0 | 0 1 | 0 6 | 0 0 | 0 45 | –
Seg. Worms Haplotaxida Naididae 115 | 14 8 | 16 10 | 6 11| 4 0 | – 8 | 2 1 | 3 15 | 0 0 | 0 149 | –
Flatworms Tricladida Planariidae 0 | 0 1 | 2 1 | 0 46 | 4 4 | – 0 | 2 0 | 0 0 | 0 0 | 0 0 | –
Snails Basommatophora Physidae 14 | 1 15 | 3 29 | 66 118 | 5 68 | – 8 | 1 5 | 0 2 | 4 4 | 14 9 | –

Planorbidae 1 | 0 3 | 0 0 | 0 10 | 0 72 | – 1 | 0 0 | 0 1 | 0 4 | 0 4 | –
Lymnaeidae 1 | 0 1 | 1 0 | 0 0 | 0 0 | – 0 | 0 0 |0 0 | 0 0 | 0 0 | –

Heterostropha Valvatidae 1 | 0 1 | 1 0 | 0 0 | 0 2348 | – 0 | 0 0 | 0 0 | 0 0 | 0 5 | –
NA Snails w/ No Shell 0 | 0 1 | 0 4 | 16 11 | 2 0 | – 0 | 0 0 | 1 0 | 0 0 | 0 0 | –
Neotaenioglossa Hydrobiidae 28 | 4 107 | 4 0 | 0 125 | 13 684 | – 0 | 0 17 | 0 9 | 0 52 | 0 52 | –
Venerida Sphaeriidae 46 | 13 12 | 61 0 | 0 0 | 0 4 | – 0 | 0 0 | 1 1 | 0 0 | 0 0 | –

Beetles Coleoptera Dryopidae 0 | 0 1 | 0 0 | 0 0 | 0 0 | – 0 | 0 10 | 0 0 | 0 40 | 0 0 | –
Haliplidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 2 | 0 0 | 0 0 | 0 0 | –
Hydrophilidae 5 | 0 42 | 0 0 | 0 0 | 0 0 | – 0 | 0 2 | 1 0 | 0 0 | 0 0 | –
Elmidae 1 | 0 0 | 0 0 | 0 3 | 0 0 | – 0 | 0 4 | 3 1 | 1 32 | 1 2 | –
Dytiscidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 1 7 | 0 0 | 0 0 | –

True Bugs Hemiptera Gerridae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 1 | 0 5 | 0 8 | 0 0 | –
Veliidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 1 | 0 14 | 0 0 | 0 0 | –
Corixidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 8 | 0 0 | –
Belostomatidae 0 | 0 0 | 1 0 | 0 0 | 0 0 | – 0 | 0 0 | 4 0 | 1 4 | 0 0 | –

Flies Diptera Chironomidae 8 | 16 0 | 104 334 | 15 13 | 5 0 | – 42 | 7 144 | 14 36 | 10 68 | 17 1 | –
Ceratopogonidae 0 | 1 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 24 | 0 0 | 0 0 | –
Tabanidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 0 | 0 3 | –

Ephemeroptera Caenidae 0 | 0 0 | 0 1 | 0 0 | 0 0 | – 5 | 2 110 | 79 3 | 0 76 | 0 0 | –
Ameletidae 0 | 0 0 | 0 5 | 0 0 | 0 0 | – 0 | 0 0 | 0 1 | 0 0 | 0 0 | –

Odonata Libellulidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 2 | 0 6 | 0 0 | 0 0 | –
Coenagrionidae 90 | 2 88 | 16 20 | 2 4 | 3 0 | – 139 | 6 87 | 91 75 | 160 236 | 12 2 | –
Calopterygidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 1 | 0 0 | 0 0 | 0 0 | 0 0 | –
Corduliidae 2 | 2 0 | 0 0 | 0 0 | 0 0 | – 1 | 2 33 | 0 41 | 0 0 | 0 0 | –
Aeshnidae 0 | 0 0 | 1 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 4 | 0 0 | –

Plecoptera Nemouridae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 0 | 1 0 | –
Trichoptera Psychomyiidae 0 | 0 0 | 0 4 | 0 2 | 0 0 | – 0 | 0 0 | 0 0 | 0 0 | 0 0 | –

Hydropsychidae 2 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 0 | 0 0 | –
Phryganeidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 13 0 | 0 0 | –
Odontoceridae 0 | 1 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 0 | 3 0 | –

Megaloptera Sialidae 4 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 0 0 | 0 0 | 0 0 | –
Corydalidae 0 | 0 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 1 0 | 0 12 | 3 0 | –

Lepidoptera Pyralidae 0 | 1 0 | 0 0 | 0 0 | 0 0 | – 0 | 0 0 | 1 0 | 0 0 | 0 0 | –

C. Aristone et al. Science of the Total Environment 820 (2022) 153224
Fig. 2E; tWinter(1,41) = −5.26, p < 0.001; Fig. 2F). Family richness on the
other hand did not differ between downstream and upstream sites in either
season (PLM, tSummer(1,41) = 1.50, p = 0.12; Fig. S1A; tWinter(1,41) = 0.63,
p = 0.23; Fig. S1B).

3.2.2. Small Dundas WWTP
At the Dundas WWTP sampling sites, we collected a total of

15,082 benthic macroinvertebrates (mean ± SE = ~499 ± 149/bas-
ket in the summer and ~117 ± 23/basket in the winter; Table 2).
The abundance of macroinvertebrates was significantly higher in
summer than in winter (PLM; t(1,40) = 2.55, p = 0.02; Fig. 2C and
D). Similarly, family richness was higher in summer than in winter
(PLM; t(1,40) = 1.42, p = 0.02; Supplementary Fig. S1C and D),
whereas family diversity did not differ between seasons (PLM; t(1,40) =
0.83, p = 0.13; Fig. 2G and H). In contrast to the large Woodward WWTP,
total abundance increased with distance from the outfall during both sum-
mer (PLM; t(1,40) = 4.92, p < 0.001; Fig. 2C) and winter (t(1,40) = 5.47,
p < 0.001; Fig. 2D). Family diversity, however, decreased with
distance from the outfall in both seasons (PLM; t(Summer 1,40) = −1.97,
p=0.04; t(Winter 1,40) =−3.26, p< 0.001; Fig. 2G and H). Conversely, fam-
ily richness was not influenced by proximity to the outfall in either season
(PLM; t(Summer 1,40) = 1.45, p = 0.24; t(Winter 1,40) = 1.49, p = 0.14;
Supplementary Fig. S1C and D).
6

3.3. Benthic macroinvertebrate community composition

3.3.1. Large Woodward WWTP
During summer, we identified 24 different families of benthic macroin-

vertebrates in all sampling sites, and the samples were largely comprised of
isopods, snails, and leeches. During winter, we identified only 20 families,
and the samples were mostly comprised of isopods and amphipods. See
Fig. 3A and B and Table 2 for the community makeup of benthic macroin-
vertebrates at each sampling site in each season. Benthicmacroinvertebrate
community composition differed significantly between seasons (Permuta-
tion ANOVA; F(1,44) = 7.62, p < 0.001; Fig. 4A and B). In summer, commu-
nities downstream of the outfall were themost distinct from those upstream
(PCoA; Permutation ANOVA; FSummer(4,24) = 7.35, p < 0.001; Fig. 4A). In
the winter, upstream communities displayed a degree of overlap with
each other but were distinct from those at sites downstream; although the
two downstream sites were distinct from one another (PCoA; Permutation
ANOVA; FWinter(3,19) = 16.7, p < 0.001; Fig. 4B). Similarity analysis indi-
cated that differences between WDS1 (outfall) and all other sites were
mainly driven by a high abundance of Asellidae (freshwater isopods) at
WDS1 in both seasons (Table 3 and Supplementary Table S4). Furthermore,
dissimilarity scores were highest between the outfall site and the two refer-
ence sites upstream, and this was observed in both summer and winter
(Table 3).



Fi
g.

2.
Be

nt
hi
c
m
ac
ro
in
ve
rt
eb

ra
te

ab
un

da
nc

e
(o
n
a
lo
g
sc
al
e)

fo
rt
he

W
oo

dw
ar
d
W
W
TP

in
th
e
su
m
m
er

(A
)a

nd
w
in
te
r(
B)
,a
nd

fo
rt
he

D
un

da
sW

W
TP

in
su
m
m
er

(C
)a

nd
w
in
te
r(
D
).
Fa

m
ily

di
ve
rs
ity

(S
ha

nn
on

's
In
de

x)
sh
ow

n
fo
rt
he

W
oo

dw
ar
d
W
W
TP

in
su
m
m
er

(E
)a

nd
w
in
te
r(
F)
,a
nd

fo
rt
he

D
un

da
s
W
W
TP

in
su
m
m
er

(G
)a

nd
w
in
te
r(
H
).
Bo

xp
lo
ts
sh
ow

th
e
m
ed

ia
n
an

d
in
te
r-
qu

ar
til
e
ra
ng

e,
w
hi
sk
er
ss
ho

w
m
in
im

um
an

d
m
ax
im

um
va
lu
es
,a
nd

in
di
vi
du

al
da

ta
po

in
ts
ar
e
jit
te
re
d
to

im
pr
ov

e
vi
su
al
iz
at
io
n.

In
al
lfi

gu
re
s,
su
m
m
er

da
ta

ar
e
re
pr
es
en

te
d
in

re
d
an

d
w
in
te
rd

at
a
ar
e
re
pr
es
en

te
d
in

bl
ue

;t
he

in
te
ns
ity

of
th
e
co
lo
ur
ss
ig
ni
fy

pr
ox

im
ity

to
th
e
ou

tf
al
l(
da

rk
er

co
lo
ur
sb

ei
ng

cl
os
es
ta

nd
lig

ht
co
lo
ur
sb

ei
ng

m
os
td

is
ta
nt
).
D
ir
ec
tio

n
of

fl
ow

is
sh
ow

n
by

ar
ro
w
su

nd
er

th
e
x-
ax
es

(w
ith

th
e
ou

tf
al
ls
ite

in
di
ca
te
d
in

bo
ld

fo
nt
).
A
ll
da

ta
ar
e
pr
es
en

te
d
as

pe
rb

as
ke

t(
N
=

3–
6
sa
m
pl
es
/s
ite

;s
ee

Su
pp

le
m
en

ta
ry

Ta
bl
e
S3

fo
rs
am

pl
e
si
ze
s

by
si
te

an
d
se
as
on

).
Si
gn

ifi
ca
nt

ef
fe
ct
s
of

pr
ox

im
ity

to
th
e
ou

tf
al
li
n
D
un

da
s
an

d
di
ff
er
en

ce
s
be

tw
ee
n
up

st
re
am

an
d
do

w
ns
tr
ea
m

si
te
s
at

W
oo

dw
ar
d
ar
e
in
di
ca
te
d
by

*p
≤

0.
05

,*
*p

≤
0.
01

,*
**
p
≤

0.
00

1,
or

no
si
gn

ifi
ca
nc
e
(n
.s
.)
.

C. Aristone et al. Science of the Total Environment 820 (2022) 153224

7



Fig. 3. Proportions of different types of benthic macroinvertebrates from the Woodward WWTP sampling sites in summer (A) and winter (B), and from the Dundas WWTP
sampling sites in summer (C) and winter (D). Proportions based on total abundance of macroinvertebrates within each site and season (all basket replicates combined per
site). Direction of flow is shown by arrows next to the y-axes (with the outfall site shown in bold font).

C. Aristone et al. Science of the Total Environment 820 (2022) 153224
3.3.2. Small Dundas WWTP
During summer, we identified 30 families of benthic macroinverte-

brates across all sampling sites, and the samples were mostly comprised
of isopods, amphipods, and dipterans. In winter, we identified 21 families
and like in summer, the samples were mainly comprised of isopods, amphi-
pods, and dipterans. The community makeup of benthic macroinverte-
brates at each sampling site in both seasons can be found in Fig. 3C and D
and Table 2. Like the Woodward WWTP, benthic macroinvertebrate com-
munity composition at the Dundas WWTP differed significantly between
seasons (Permutation ANOVA; F(1,43) = 13.7, p < 0.001; Fig. 4C and D).
In summer, the communities closest to the outfall (DDS1 and DDS2) were
the most distinct from those farther away (DDS4 and DDS5), while DDS3
was an intermediate between those sites (PCoA; Permutation ANOVA;
FSummer(4,25) = 10.5, p < 0.001; Fig. 4C). During winter, the benthic macro-
invertebrate community at the outfall site (DDS1) was most different from
the site farthest away (DDS4); while sites in between (DDS2 and DDS3)
shared a considerable amount of overlap (PCoA; Permutation ANOVA;
FWinter(3,17)=9.76, p< 0.001; Fig. 4D). Similarity analysis further indicated
which families were driving the majority of community compositional dif-
ferences across sites. In summer, community differences betweenDDS1 and
DDS2 were largely driven by the higher abundance of Chironomidae
(midges) and Caenidae (square gill mayflies) at DDS2, and a higher abun-
dance of Coenagrionidae (damselflies) at DDS1. Differences between DDS1
and DDS3 were driven by the higher abundance of Coenagrionidae at
DDS1, but also by the higher abundance of Asellidae (isopods) at DDS3.
The difference between DDS1 and DDS4was mostly driven byGammaridae
(amphipods)whichwere considerablymore abundant at DDS4. Differences
between DDS1 and DDS5 were driven by Naididae (clitellate oligochaete
worms) and Erpobdellidae (proboscisless leeches) being more abundant at
DDS1 and Asellidae being more abundant at DDS5. In winter, higher abun-
dances of both Caenidae and Asellidae were found at DDS2 compared to
DDS1. Between DDS1 and DDS3, the differences were driven by a higher
abundance of Coenagrionidae at DDS3. Differences between DDS1 and
DDS4 were attributed mostly to the higher abundance of Gammaridae at
DDS4 (Table 3 and Supplementary Table S5). Furthermore, dissimilarity
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scores were highest between the outfall site and the reference site(s) in
both summer and winter (Table 3).

4. Discussion

In this study, we examined the impacts of wastewater effluent in sum-
mer and winter on benthic macroinvertebrate communities near two
WWTPs that discharge their effluents into very different habitats. We
demonstrated that the effluents from the two WWTPs impacted the biodi-
versity of benthic macroinvertebrates differently. In both seasons, the
largerWoodwardWWTP,with its less effective secondary treatment and lo-
cation in a highly industrialized area, had higher abundance but lower di-
versity of benthic macroinvertebrates at sites downstream of the outfall
compared to sites upstream. In contrast, the smaller Dundas WWTP, with
its enhanced tertiary treatment and location in a wetland, had lower abun-
dance but higher diversity of benthic macroinvertebrates near the outfall
sites compared to sites farther away in both seasons. Additionally, in both
seasons and at both WWTPs, community composition of benthic macroin-
vertebrates differed significantly between sites closer to the outfall and
sites farther away. Finally, we detected significant water quality deteriora-
tion in sites closer to the outfall, with water quality generally being poorer
during the winter. The degraded water quality at the impacted sites mani-
fested in higher nutrient concentrations, conductivity, salinity, and total
dissolved solids in both seasons, as well as WWTP-induced thermal pollu-
tion, whereby sites closer to the outfall were 8–9 °C warmer during winter.
Although the water quality varied among seasons, we did not detect
concurrent seasonal differences in benthic macroinvertebrate community
responses to wastewater at either plant.

4.1. Contrasting patterns between the two WWTPs

Poor water quality and high nutrient concentrations have been associ-
ated with higher abundance but lower measures of diversity of aquatic
communities (Birge et al., 1989; Hickey and Clements, 1998; Walsh et al.,
2005; Brown et al., 2011; Grantham et al., 2012; Tetreault et al., 2013;



Fig. 4. Principle coordinate analysis (PCoA) ordination biplots for benthic macroinvertebrate community composition at the Woodward WWTP sites in summer (A) and
winter (B), and at the Dundas WWTP sites in summer (C) and winter (D). Each site is overlaid with 80% confidence ellipses (except for Dundas DDS3 in winter due to
small sample size; n < 4).
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Zokan and Drake, 2015; Tuncay, 2016; McCallum et al., 2019; Jesus et al.,
2020; Mehdi et al., 2021). Our results from sites along the Woodward
WWTP effluent gradient are consistent with these previously reported find-
ings. The high nutrient inputs at the Woodward WWTP appear to be
supporting more benthic macroinvertebrates, and specifically, those with
high tolerance to poor water quality (e.g., Asellidae). Interestingly, our re-
sults from along the effluent gradient of the Dundas WWTP revealed an op-
posite trend to that observed at the Woodward WWTP, with abundance
increasing and diversity decreasing with distance from the effluent outfall.
The DundasWWTP is a much smaller plant with a higher level of treatment
compared to the Woodward WWTP. Additionally, its daily effluent dis-
charge is significantly lower than that of Woodward's (18.2 versus 409 mil-
lion litres per day). Those two factors could explain why the water quality
downstream of the WoodwardWWTP was worse than water quality down-
stream of the Dundas WWTP. For example, total phosphorus, one of the
main water quality indicators of productivity (Schindler, 1978; McQueen
et al., 1986; Chapra and Robertson, 1977), was significantly higher in the
sites downstream of the Woodward WWTP relative to sites downstream
of the DundasWWTP in both seasons, but this difference was more obvious
in the winter. Furthermore, the Dundas WWTP releases its effluent into
Cootes Paradise Marsh, the largest wetland west of Lake Ontario and a
9

nature sanctuary that is of vital importance for migratory waterfowl and
provides a significant habitat for many reptiles, amphibians, and fish
(Leslie and Timmins, 1992; Smith and Chow-Fraser, 2010). Moreover, wet-
lands are known to buffer the effects of aquatic pollution as many wetland
plants are able to absorb nutrients and toxic substances (Brix, 1994; Gopal,
1999; Hamoda et al., 2004). The Woodward WWTP discharges its effluent
in an engineered channel, with relatively high flow rates and harder sub-
strate (comprised mostly of boulder and cobble), and is surrounded by a
heavily industrialized part of Hamilton with relatively little to no riparian
zones. Taken together, the smaller size and smaller effluent footprint of
the DundasWWTP, its superior treatment, and thewetland environment re-
ceiving its effluent could help explain the contrasting biodiversity patterns
observed between the two plants.

4.2. Limited differences between summer and winter patterns

Although water quality was strongly influenced by seasonality, with
water quality in winter being significantly more impaired than in summer,
the impacts of wastewater on benthicmacroinvertebrate communitieswere
similar between seasons. Deterioration of water quality during winter is
consistent with prior studies demonstrating reduced contaminant



Table 3
Similarity percentages analysis (SIMPER) indicating the relative contribution of family groups to the overall dissimilarity score of the Woodward outfall site (WDS1) to all
other Woodward sites and the Dundas outfall site (DDS1) to all other Dundas sites. Average A and B are based on the abundance for each family group at the sites being com-
pared. Sites are ordered according to proximity to outfall and contamination load. Only families that contributed≥5% to overall abundance are shown. Bolded values indi-
cate significant differences between sites (p < 0.05).

Summer Winter

Comparison Dissimilarity Family Average A Average B Contribution Dissimilarity Family Average A Average B Contribution

Woodward WWTP
A. WDS1 (outfall) 54.00% Asellidae 1927.75 876.67 43.27 82.07% Asellidae 2193.20 182.40 80.48
B. WDS2 (350 m)
A. WDS1 (outfall) 46.23% Asellidae 1927.75 1041.00 22.09 NA
B. WDS3 (850 m) Valvatidae 0.00 587.00 15.14
A. WDS1 (outfall) 98.23% Asellidae 1927.75 6.83 90.11 98.67% Asellidae 2193.20 9.40 86.56
B. WUS2 (−1000 m) Gammaridae 0.00 206.40 9.42
A. WDS1 (outfall) 97.33% Asellidae 1927.75 8.40 88.74 98.97% Asellidae 2193.20 6.60 96.65
B. WUS2 (−1400 m)

Dundas WWTP
A. DDS1 (outfall) 61.69% Chironomidae 8.40 24.00 12.82 89.02% Gammaridae 1.20 44.20 40.81
B. DDS2 (550 m) Asellidae 19.00 16.33 10.66 Coenagrionidae 1.20 18.20 16.43

Coenagrionidae 27.80 14.50 10.40 Caenidae 0.40 15.80 13.43
Caenidae 1.00 18.33 9.77 Asellidae 3.20 14.00 11.45
Gammaridae 0.40 9.50 5.79

A. DDS1 (outfall) 74.62% Asellidae 19.00 119.83 40.20 92.99% Gammaridae 1.20 72.00 44.02
B. DDS3 (1000 m) Coenagrionidae 27.80 12.50 13.18 Coenagrionidae 1.20 53.33 39.28
A. DDS1 (outfall) 96.32% Gammaridae 0.40 1868.80 90.43 94.53% Gammaridae 1.20 209.20 86.32
B. DDS4 (2800 m)
A. DDS1 (outfall) 86.46% Asellidae 19.00 119.75 34.80 NA
B. DDS5 (3750 m) Gammaridae 0.40 40.00 11.51

Naididae 1.60 37.25 10.34
Erpobdellidae 0.00 28.00 9.12
Coenagrionidae 27.80 0.50 8.70
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removal/degradation efficiency by WWTPs at colder temperatures and in-
creased usage and therefore concentrations of pharmaceuticals, caffeine,
and other products during winter (Vieno et al., 2005; Gardarsdottir et al.,
2010; ter Laak et al., 2010; Sui et al., 2011; Yu et al., 2013). The limited sea-
sonal shifts in benthic macroinvertebrate community responses to waste-
water is intriguing. During winter, many aquatic invertebrates are
inactive, are only present as immobile eggs, migrate to more suitable habi-
tats, and/or burrow into the sediment to withstand the cold/ice cover
(Frouz et al., 2003; Hill et al., 2016). Additionally, some adult life stages
of aquatic invertebrates, such as trichoptera and coleoptera, are known to
take winter refuge in adjacent terrestrial habitats, and both of these taxa
were absent in our winter samples (Chadd, 2010; Hill et al., 2016). These
explanations should have led to several taxa beingmissed in our aquatic ar-
tificial substrate colonization technique during winter, resulting in large
differences between seasons. This was evidently the case for total abun-
dance and richness at Dundas WWTP sampling sites and for diversity at
the Woodward WWTP sampling sites, as all were lower during winter.
However, we did not find a strong seasonal influence on the impacts of
wastewater on benthic macroinvertebrate communities; impacted sam-
pling sites remained relatively high in abundance at Woodward and low
in abundance at Dundas in both seasons.

The contrasting patterns in total macroinvertebrate abundance between
the two WWTPs types could be due to bottom-up effects. The effluent re-
leased from the Woodward WWTP was of poorer quality than effluent re-
leased from the Dundas WWTP, particularly during winter. At the larger
Woodward WWTP, the higher levels of nutrients, organic matter (TDS
and TSS as measured in the effluent), and temperature at sites near the out-
fall during the winter may have allowed certain taxa to remain high in
abundance via bottom-up control despite the expected winter dormancy ef-
fects described above. This was further supported by the higher fold-
difference in benthic macroinvertebrate abundance between downstream
and upstream sites at the Woodward WWTP in winter (~149×) compared
to summer (~21×). In contrast, at the smaller Dundas WWTP, the lower
abundance of benthic macroinvertebrates during winter may be attributed
to the overall lower levels of total phosphorus that characterized all sam-
pling sites. As mentioned before, phosphorus is one of the main water
10
quality indicators of productivity (Schindler, 1978; McQueen et al., 1986;
Chapra and Robertson, 1977), therefore, the lower concentrations of phos-
phorus measured at the Dundas sampling sites could explain the overall
lower abundance of benthic macroinvertebrates in winter. However, this
was not the case atWoodward, where total phosphorus levels remained rel-
atively stable between seasons, particularly at the downstream sites. Over-
all, the lack of strong seasonal effects on benthic macroinvertebrate
community responses to wastewater contradicted our initial predictions.
These predictions were based on our previous work that demonstrated
strong seasonal effects, where fish (Mehdi et al., 2021) and zooplankton
(Mehdi et al., in prep) abundance were significantly higher near wastewa-
ter outfalls, but only during the winter. The different seasonal responses
to wastewater effluent demonstrated by different trophic levels remains
largely unexplored and warrants further research.

4.3. Conclusions

Our study is unique becausewe compared the impacts of wastewater ef-
fluent contamination on benthic macroinvertebrate communities and
water quality between summer and winter. Despite finding major seasonal
differences in water quality in effluent-receiving environments as well as
finding general differences in community metrics between seasons, the ef-
fects of wastewater on benthic macroinvertebrate communities were simi-
lar in summer and winter. Interestingly, the two WWTPs sampled in our
study demonstrated opposite trends in their impacts on benthic macroin-
vertebrate communities. Further research should investigate why and
how WWTPs with different treatment capabilities and effluent-receiving
environments might impact benthic communities differently. Differences
in WWTPs' effluent footprints, treatment capabilities, source populations,
and receiving habitats must be taken into consideration when evaluating
their impacts on aquatic environments. Such research would improve the
direction and precision of remediation strategies in restoring aquatic com-
munities in effluent-receiving habitats. Additionally, studies of this kind
demonstrate the importance of conducting research duringwinter, a season
largely neglected in ecotoxicology (Powers and Hampton, 2016; Salonen
et al., 2009; Hampton et al., 2015; McMeans et al., 2020). Our findings
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will contribute to the recent focus of understanding winter ecology, partic-
ularly in temperate and polar regions around the world, where fieldwork is
especially challenging during that time of year.
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