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Effluent from wastewater treatment plants (WWTP) contains a complex mixture of contaminants and is a major
worldwide source of aquatic pollution. We examined the effects of exposure to treated effluent from a municipal
WWTP on the metabolic physiology of bluegill sunfish (Lepomis macrochirus). We studied fish that were wildcaught or experimentally caged (28 d) downstream of the WWTP, and compared them to fish that were caught or
caged at clean reference sites. Survival was reduced in fish caged at the effluent-contaminated site compared to
those caged at the reference site. Resting rates of O2 consumption (MO2) were higher in fish from the contaminated site, reflecting a metabolic cost of wastewater exposure. The increases in routine MO2 did not reduce
aerobic scope (difference or quotient of maximal MO2 and resting MO2), suggesting that physiological compensations accompanied the metabolic costs of wastewater exposure. Fish exposed to wastewater also had larger
hearts and livers. The activity of mitochondrial enzymes (cytochrome c oxidase, citrate synthase) per liver mass
was unaltered across treatments, so the increased mass of this organ increased its cumulative oxidative capacity
in the fish. Wastewater exposure also reduced glycogen content per liver mass. The effects of caging itself, based
on comparisons between fish that were wild-caught or caged at clean sites, were generally subtle and not statistically significant. We conclude that exposure to wastewater effluent invokes a metabolic cost that leads to
compensatory physiological adjustments that partially offset the detrimental metabolic impacts of exposure.

1. Introduction
Municipal wastewater treatment plants (WWTP) release a complex
mixture of contaminants into aquatic environments, and there is
growing concern about the impacts of WWTP effluent on aquatic
wildlife (Brooks et al., 2006; Callaghan and MacCormack, 2017; Gros
et al., 2010; Kolpin et al., 2002; Marcogliese et al., 2015; Nikolaou
et al., 2007; Schultz et al., 2010). Effluent from WWTPs typically contain excess nutrients and a complex mixture of chemicals (e.g., pharmaceuticals and personal care products [PPCPs], pesticides, etc.), metals, and nanomaterials, and can also change the temperature and
dissolved oxygen content of receiving waters. Exposure to these stressors in isolation can have a range of disruptive effects on the physiology, health, and behaviour of fish (Bjerselius et al., 2001; Craig
et al., 2010; Little and Finger, 1990; Nash et al., 2004; Parrott and
Blunt, 2005; Scott and Sloman, 2004). However, less is known about
the effects on fish physiology of the complex mixtures of contaminants
in wastewater, which can be hard to predict as the effects of individual
contaminants interact and are combined with variability in other
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environmental variables (Hahn, 2011; Mothersill et al., 2007; Noyes
et al., 2009).
Recent evidence suggests that fish can suffer an appreciable metabolic cost associated with exposure to WWTP effluent (Du et al., 2018;
Mehdi et al., 2018). Resting metabolic rate (measured as O2 consumption rate, MO2) was higher in wild rainbow darter (Etheostoma
caeruleum) caught downstream of a WWTP in the Grand River watershed (near Waterloo, Canada) than wild darters caught at a clean site
upstream (Mehdi et al., 2018). Similarly, we showed that resting MO2
was elevated in bluegill sunfish (Lepomis macrochirus) that were caged
for 3 weeks in the effluent-contaminated waters near the Dundas WWTP
in Hamilton, Canada, compared to bluegill caged at a clean reference
site (Du et al., 2018). However, round goby (Neogobius melanostomus)
that were similarly caged near the Dundas WWTP did not exhibit increased MO2 compared to control fish (McCallum et al., 2017), suggesting that some species are more resistant and less likely to suffer a
metabolic cost of exposure. In this particular case, the differences in
susceptibility between bluegill and round goby are associated with
differences in their natural distribution across the gradient of exposure:
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the abundance of round goby is high near the Dundas WWTP and declines further away, whereas bluegill are most abundant in cleaner sites
that are less impacted by effluent (McCallum et al., 2019).
The metabolic costs of exposure to WWTP effluent could affect
health and fitness, and may help explain why some species appear incapable of living in contaminated environments. Increases in resting
MO2 tend to amplify food demands, which could place an energy stress
on fish that do not meet their increased food needs (Beyers et al., 1999;
Metcalfe et al., 2016). Alternatively, metabolic costs of exposure might
reduce aerobic scope (the difference/quotient of maximal MO2 and
standard MO2), dampening the capacity to increase aerobic metabolism
to support functions such as locomotion, behaviour, growth, and reproduction, and potentially decreasing fitness (Claireaux and
Lefrancois, 2007; Eliason and Farrell, 2016; Plaut, 2001). Consistent
with potential metabolic effects of exposure, wastewater effluent has
been shown to affect various sub-organismal metabolic traits, reducing
tissue energy reserves (glycogen, lipid, etc.) and altering the expression
of metabolic genes (Cazenave et al., 2014; Ings et al., 2012; Melvin,
2016; Smolders et al., 2003; Vidal-Dorsch et al., 2013). However, we
still know relatively little about how exposure to WWTP effluent impacts resting and maximal rates of whole-animal metabolism in fish.
The objective of this study was to elucidate the impacts of exposure
to WWTP effluent on resting MO2, maximal MO2, and aerobic scope in
bluegill, and to examine the changes in liver metabolism that are associated with these impacts. Bluegill and other sunfish species are native across a wide range of North America (Near and Koppelman, 2009)
and have been used in several previous ecotoxicological studies (Adams
et al., 1992; Du et al., 2018; Porter and Janz, 2003; Theodorakis et al.,
1992). Bluegill are an abundant species across southern Ontario in
Canada, and can be found across a gradient of exposure near the
Dundas WWTP (McCallum et al., 2019). The effluent from this treatment plant flows into Cootes Paradise Marsh, a protected wetland on
the western end of Lake Ontario that is an important nature sanctuary
and fish breeding ground, but is recognized as a degraded marsh and an
International Area of Concern due to historically heavy nutrient and
pollution inputs (International Joint Commission, 1999). We have
previously shown that resting MO2 was elevated in bluegill that were
caged near the Dundas WWTP (Du et al., 2018), but we do not know if
wild fish living near the WWTP exhibit similar increases in resting MO2.
It is also unknown whether compensatory physiological adjustments
can help bluegill increase maximal MO2 and thus maintain aerobic
scope. Here, we studied bluegill that were wild-caught in effluentcontaminated waters near the Dundas WWTP, or were caught from
clean sites and then caged in effluent-contaminated waters for 4 weeks.
We predicted that we would confirm our previous finding that fish
exposed to WWTP effluent would exhibit higher resting MO2 than fish
in clean water (Du et al., 2018), and that this metabolic cost of exposure
would deplete liver glycogen reserves. Based on the physiological adjustments bluegill make to improve oxygen uptake, transport, and utilization in response to wastewater exposure (Du et al., 2018), we also
predicted that fish would compensate by increasing maximal MO2 to
help maintain aerobic scope.

discharged into the western-most end of the Desjardins Canal (the
remnants of a dredged shipping corridor that once connected the
former town of Dundas to Hamilton Harbour) and thereby flows into
Cootes Paradise Marsh. Fish caught from the clean site in May 2016
were used for the caged exposures described in Section 2.2 (‘caged
fish’). We also carried out measurements shortly after capture for wildcaught fish from both the clean site (September 2016) and the contaminated site (August and September 2016) (‘wild fish’). Most of the
fish caught were juveniles (and none were in obvious reproductive
condition) and so we did not discern between males and females. Water
quality parameters were measured during the daytime photophase on
each day of fish collection in Desjardins Canal, including dissolved
oxygen and temperature (ProfiLine Oxi 3310 portable oxygen meter;
WTW, Weilheim, Germany), total dissolved solids, pH, salinity, and
conductivity (Multi-Parameter Pocket Testr; Oakton Instruments,
Vernon Hills, IL USA). Water quality measurements in Lake Opinicon
have been published previously, and the water temperatures in September are generally in a very similar range to those at the other sites
during the dates under study – between 18 and 22 °C (Agbeti and Smol,
1995; Bremer and Moyes, 2011; Crowder et al., 1977). All procedures
for collecting wild fish and for subsequent experimental treatments
followed guidelines set out by the Canadian Council on Animal Care
and were approved by the McMaster University Animal Research Ethics
Board.
2.2. Caged exposures
Fish from the clean collection site were transported in aerated lake
water to McMaster University, where they were held in 500 l tanks
containing dechlorinated Hamilton tap water with continuous recirculating charcoal filtration, at room temperature (~19 °C) and at a
photoperiod of 12 h:12 h light:dark. Fish were fed four times per week
with a mix of beef heart and squid, and tank water was partially
changed every week. After remaining in the lab for at least one week,
fish were then used in four week caged exposures at one of two sites
(Fig. 1C): (i) “Site 2” in Desjardins Canal, 830 m downstream of the
Dundas WWTP (43°16′9″N 79°55′59″W); (ii) Beverly Swamp, the
spring-fed headwaters of Cootes Paradise Marsh, which does not receive
wastewater inputs (43°21′57″N 80°6′27″W). We followed similar protocols for caged exposures as we have previously used in the Cootes
Paradise Marsh watershed (Du et al., 2018; McCallum et al., 2017),
except that in the current study we only caged fish at a single contaminated site. This contaminated site used here was at a very similar
location to the site we called ‘Downstream’ in our previous studies (Du
et al., 2018; McCallum et al., 2017). We used identical cages to those
we used in our previous studies (McCallum et al., 2017), which were
made from 114 l plastic totes (H51 cm × W81 cm × D44.5 cm) drilled
with ~200 holes (0.5 cm in diameter) to enable water exchange. We
used four replicate cages per site, each containing 14 fish, and we used
fish of similar initial sizes in each treatment group. The start date of
each exposure was staggered over four weeks, such that one cage of fish
from each site was deployed/tested each week from June 1 to July 22,
2016. Every week, we conducted health/survival checks, fed the fish
supplementary food (squid cubes), and measured water quality as described above. After the four-week caged exposures, fish were transported back to McMaster University in aerated water from the caging
site for subsequent measurements (see below).
We also deployed polar organic chemical integrative samplers
(POCIS-HLB; Environmental Sampling Technologies) in association
with the caged exposures to quantify concentrations of various pharmaceuticals and personal care products (PPCP) in the water. POCIS
were deployed in triplicate from June 21 to July 8 at Beverly Swamp
(clean caging site) and at Desjardins Canal Sites 1 and 2 (contaminated
sites). To best represent the conditions experienced by the fish, and to
prevent tampering with the samplers in the field, we suspended the
POCIS in empty plastic totes with the same specifications as those used

2. Materials and methods
2.1. Collection of wild fish
Bluegill sunfish were collected by seining and electrofishing from a
clean site – Lake Opinicon, Ontario, Canada (44°33′57.7″N
76°19′37.0″W) – and a contaminated site near the Dundas WWTP
(Fig. 1). For the latter location, fish were collected ~550–830 m
downstream of the Dundas WWTP in Desjardins Canal (between “Site
1” and “Site 2” in Fig. 1C). The Dundas WWTP is a conventional activated sludge treatment facility with nitrification and tertiary sand filtration that treats a daily average of 14.6 million litres of municipal
wastewater (City of Hamilton, 2011). Treated effluent is aerated and
2
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Fig. 1. Location of study areas in the vicinity of Lake Ontario, Canada (A). We compared wild-caught bluegill sunfish from a clean site (Lake Opinicon) (B) to those
caught between Site 1 and Site 2 in Desjardins Canal, the receiving waters of the Dundas wastewater treatment plant (WWTP) (C). Effluent-containing water in
Desjardins Canal flows into Cootes Paradise Marsh, a large and ecologically significant wetland at the western end of Lake Ontario. Using bluegill that had been wildcaught at Lake Opinicon, we also compared fish that were caged for 4 weeks at the contaminated site at Site 2 to fish that were similarly caged at a clean site
(Beverley Swamp; located in the headwaters of Cootes Paradise Marsh, 17.4 km northwest of the WWTP). Map data: Google, DigitalGlobe. See Materials and Methods
for additional methodological details.

to cage fish. POCIS were then retrieved, wrapped in aluminum foil,
stored on ice during transport back to McMaster University, and frozen
at −20 °C for later analysis. A blank POCIS disk was exposed to the air
of the field site on the day of retrieval to account for handling and
exposure to air-borne contaminants. POCIS extraction and analysis was
carried out using equivalent methods to those we have reported previously (McCallum et al., 2017). Time-weighted PPCP concentrations
were then derived from known sampling rates for POCIS samplers that
have been previously reported in the literature (see McCallum et al.,
2017 for details).

McMaster University for all caged fish and for wild fish from contaminated water, and were conducted at the Queen's University Biological Station for wild fish caught in the adjacent Lake Opinicon. The
same respirometry system was used at both sites. Measurements at
McMaster were conducted in dechlorinated Hamilton tap water maintained at 20 °C. Measurements at the Queen's University Biological
Station were conducted in clean sediment-free lake water at 20 °C,
which was found to exhibit negligible background O2 flux.
Immediately upon arriving from the field, fish were transferred to
respirometry chambers (675 ml) situated in a darkened buffer tank and
were continuously flushed with well‑oxygenated water (flushing circuit). The chamber was connected to a separate recirculating circuit
that flowed past a fibre-optic oxygen sensor (PreSens, Regensburg,
Germany). Both circuits were driven by pumps controlled by AutoResp
software (Loligo Systems, Tjele, Denmark). Fish were held overnight to
allow them time to become accustomed to the chambers. Resting MO2
measurements were conducted the following morning, during two sequential flush and measurement periods. During flush periods (5 min),

2.3. Respirometry
We measured resting and maximal rates of oxygen consumption
(MO2) at 20 °C using stop-flow respirometry, following well-established
protocols that we have previously described for bluegill and for several
other species (Borowiec et al., 2016; Borowiec et al., 2015; Borowiec
et al., 2018; Crans et al., 2015). MO2 measurements were conducted at
3
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both the flush and recirculating pumps were active, such that the
chamber received a steady flow of aerated water from the buffer tank.
During measurement periods (5 min), the flush pump was turned off,
isolating the chamber from the buffer tank so MO2 could be determined
from the rate of change in O2 concentration in the water. We next determined maximal MO2 by measuring peak O2 consumption after exhaustive exercise. The fish was removed from its chamber and transferred to a cylindrical tank (diameter of 29 cm) where it was chased to
exhaustion (i.e., until the fish would no longer escape from a tail pinch,
which generally took ~4 min or more) and then subjected to one
minute of air exposure; this method has been previously shown to elicit
higher MO2 than chasing and exhaustion alone (Roche et al., 2013).
Fish were quickly returned to the respirometry chamber and MO2 was
measured continuously for 12 h, by alternating between flush and
measurement periods. Maximal MO2 was the highest MO2 recorded
after the fish were returned to the chamber. Absolute aerobic scope was
calculated as the difference between maximal and resting MO2, and
factorial aerobic scope was calculated as the quotient of maximal and
resting MO2.

(containing both endogenous free glucose and glucose originating from
the enzymatic breakdown of glycogen) and undigested samples (containing only endogenous free glucose) by measuring the change in absorbance with the addition of excess of the coupling enzyme hexokinase
(5 U ml−1) under the following conditions: 1 mmol l−1 ATP,
0.5 mmol l−1 NADP+, 5 mmol l−1 MgCl2, and 3 U ml−1 glucose-6phosphate dehydrogenase in 20 mmol l−1 imidazole buffer (pH 7.4).
The difference in glucose content detected between the digested and
undigested samples was used to calculate glycogen content, and is expressed relative to liver tissue mass.
To evaluate the potential influence of variation in liver size, we also
calculated the total liver enzyme activities and glycogen content for the
entire fish. This was accomplished by multiplying the enzyme activities
and glycogen content in units per g tissue by the mass of the liver in
grams. These data are expressed here relative to fish body mass (e.g.,
liver CS activity per g fish mass).
2.6. Statistics
All data were analyzed using R version 3.3 (R Core Team, 2016).
Survival was analyzed using a generalized linear mixed model (package
glmer) with cage and experimental week set as random effects and
caging site and exposure week set as fixed effects. Other data were
analyzed with a linear regression model using exposure (clean or contaminated environment) and caging (caged or wild) as fixed independent variables (interaction terms were tested and were not significant). Body mass was included as an additional fixed independent
variable, with the exception of body mass itself and the enzyme and
metabolite data expressed per g fish mass. Each test was initially run
including the potential interactions between the fixed factors. In all
cases except for brain mass, the interactions did not approach significance (P ≥ 0.1) and were removed from the final models reported
here. For statistical analyses of the MO2 data, we used the absolute
values in units mmol O2 h−1 and included body mass as a fixed independent variable, but we report the data normalized to body mass in
units of mmol O2 h−1 kg−1 to facilitate comparison with the literature.
P < 0.05 is considered significant throughout. We report effect sizes
using eta-squared (η2; sjstats package).

2.4. Sampling
Fish were sampled either immediately upon arrival from the field
(n = 5–11 fish per treatment group) or after completing the respirometry measurements (n = 8–10 per group). Fish were euthanized
with a sharp blow to the head followed by pithing, and were quickly
weighed. The tail was then severed and blood was collected into heparinized capillary tubes. Haematocrit was measured by spinning tubes
for 2.5 min in a haematocrit centrifuge. The liver was excised, weighed,
freeze-clamped, and stored in liquid N2, and then later transferred to
−80 °C for long-term storage. The heart and brain were also dissected
and weighed.
2.5. Liver enzyme activities and metabolites
We measured the maximal activities (Vmax) of citrate synthase (CS)
and cytochrome c oxidase (COX) in liver tissue from fish sampled after
respirometry experiments. Liver tissue was homogenized in a glass
tissue grinder in 10 volumes of ice-cold buffer (50 mmol l−1 KH2PO4,
0.1% Triton X-100, pH 7.0) and immediately assayed. CS activity was
measured as the rate of reduction of DTNB (5,5′-dithiobis-(2-nitrobenzoic acid); detected at 412 nm with extinction coefficient [ε] of
13.6 l mmol−1 cm−1), in an assay mixture containing 0.15 mmol l−1
acetyl-coA, 0.15 mmol l−1 DTNB, 0.5 mmol l−1 oxaloacetate, and
50 mmol l−1 KH2PO4 at pH 8.0. COX activity was measured as the rate
of oxidation of reduced cytochrome c (detected at 550 nm with an ε of
28.5 l mmol−1 cm−1), in an assay buffer containing 0.2 mmol l−1 reduced cytochrome c and 50 mmol l−1 KH2PO4 at pH 8.0. Assays were
conducted in triplicate at 25 °C using a SpectraMax Plus 384 microplate
reader (Molecular Devices, Sunnyvale, CA, USA) by measuring the rate
of change in absorbance for at least 5 min. Enzyme activities were
calculated as the reaction rate using all assay components minus the
background reaction rate in absence of a key substrate (oxaloacetate or
cytochrome c, respectively), and are expressed relative to liver tissue
mass.
We measured glycogen content in liver tissue of fish sampled immediately upon arrival from the field. Tissues were homogenized in icecold 6% perchloric acid using a PowerGen 125 homogenizer (Fisher
Scientific, Whitby, ON, Canada). We then added 50 μl of 1 mol l−1
K2HCO3 and 100 μl of 400 mmol l−1 acetate buffer (pH 4.8) to 100 μl of
homogenate. For half of this solution, glycogen was digested by adding
7 μl of amyloglucosidase (4 U μl−1; suspended in 300 mmol l−1 Tris,
4.05 mmol l−1 MgSO4, pH 7.5). The other half of this solution was not
digested with amyloglucosidase. All sample homogenates were incubated for 2 h at 40 °C and then neutralized with 1 mol l−1 K2CO3.
Glucose was then assayed in triplicate in both digested samples

3. Results
3.1. Water quality and PPCP concentrations
There were differences in water quality and PPCP concentrations
between clean and contaminated sites. Most of the water quality
parameters measured (all except pH) were higher at contaminated sites
than at the clean site (Table 1). As expected, water temperature tended
Table 1
Water quality parameters. Beverly Swamp and Desjardins Canal Site 2 were
monitored weekly over 8 weeks (June 1 – July 22, 2016). Desjardins Canal Site
1 was measured on days of fish collection (August 18 and September 22, 2016).
Data are shown as means ± SE. All parameters except pH were significantly
different between Beverley Swamp and Desjardins Canal Site 2 (P < 0.05).

Temperature (°C)
Dissolved O2
(mg l−1)
pH
Total dissolved solids
(ppm)
Conductivity (μS)
Salinity (ppm)

4

Clean site

Contaminated sites

Beverly Swamp

Desjardins Canal
Site 1

Desjardins Canal
Site 2

17.4 ± 1.2
6.63 ± 0.21

22.9 ± 1.4
9.41 ± 0.15

22.6 ± 0.8
11.9 ± 1.8

8.16 ± 0.15
542 ± 11

8.01 ± 0.37
698 ± 33

7.97 ± 0.27
816 ± 19

765 ± 15
369 ± 8

980 ± 46
485 ± 26

1140 ± 27
569 ± 13
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Table 2
Time-weighted concentrations (ng/l) of pharmaceutical and personal care
product (PPCP) compounds detected at each site using POCIS samplers (the
average values of 3 technical replicates per site are shown). ND, not detected.

Compound

Class

Caffeine
Sucralose
Carbamazepine
Venlafaxine
O-dm-venlafaxine
N-dm-venlafaxine
Sertraline
dm-sertraline
Citalopram
Fluoxetine
Atenolol
Metoprolol
Propanolol
Gemfibrozil
Acetaminophen
Ibuprofen
Naproxen
Trimethoprim
Sulfamethoxazole
Triclosan
Estrone (E1)
Estradiol (E2)
Androstenedione
Testosterone

Food
Food
Anti-seizure
Antidepressant
Metabolite
Metabolite
Antidepressant
Metabolite
Antidepressant
Antidepressant
Beta-blocker
Beta-blocker
Beta-blocker
Lipid regulator
Analgesic
Anti-inflammatory
Anti-inflammatory
Anti-biotic
Anti-biotic
Antibacterial
Hormone
Hormone
Hormone
Hormone

Clean site

Contaminated sites

Beverley
swamp

Desjardins
canal site 1

Desjardins
canal site 2

428.4
2580.6
116.6
38.7
4.8
12.4
6.4
18.6
0.5
0.05
6.2
5.8
25.0
1.3
9.8
51.6
ND
ND
ND
ND
ND
ND
0.08
ND

149.2
1226.4
59.8
33.4
3.4
9.5
8.0
15.3
0.5
0.03
3.3
4.3
20.9
0.9
11.9
5.1
ND
ND
ND
ND
ND
ND
0.05
0.3

ND
10.24
ND
ND
ND
ND
ND
ND
ND
ND
ND
ND
ND
0.3
ND
ND
ND
ND
ND
ND
ND
ND
ND
ND

Fig. 2. Wastewater exposure reduced survival of caged bluegill sunfish. Bluegill
were wild-caught from a clean site, and were then caged for 4 weeks at either a
clean reference site or downstream of the wastewater treatment plant. Data are
shown as means ± SE. * represents significant difference in survival between
fish from clean and contaminated sites (fixed effect of contaminant exposure,
Z = −1.98, P = 0.047).

significant effect of site on resting MO2, and although the effect of caging was not significant, the increase in resting MO2 at the contaminated site appeared to be greater among wild-caught individuals
(~50%), who were caught between Site 1 and Site 2 in Desjardins Canal
(Fig. 1), than among caged individuals (~30%), who were caged at Site
2 in the canal. There was an effect of body mass on resting MO2, as
expected, but there were no significant differences in body mass between treatment groups (Fig. 4).
There were no appreciable effects of wastewater exposure on maximal MO2 (Fig. 3B). Maximal MO2 was determined by measuring the
highest MO2 achieved after an exhaustive chase, and was found to elicit
similarly high MO2 to the maximal rates we have measured in this
species during sustained swimming (Crans et al., 2015). Although there
were no statistically significant effects of site or caging on maximal
MO2, there appeared to be some modest non-significant variation across
groups that resembled the variation in resting MO2. As a result, there
were no significant effects of site or caging on absolute (difference
between maximal and resting MO2) or factorial (quotient of maximal
and resting MO2) aerobic scopes (Fig. 3C,D).

to increase over the period of caging from June to July, from ~15 °C to
~22 °C at the clean caging site and from ~20 °C to ~25 °C at contaminated site 2. At the clean caging site, this warming was associated
with a modest drop in dissolved O2 (from ~7 to ~6 mg l−1) likely due
to the reduction in O2 solubility at warmer temperatures. At contaminated site 2, however, dissolved O2 tended to rise from June to July
(from ~7 to ~13 mg l−1), potentially because of effects of temperature
on photosynthetic activity or from changes in the oxygenation of effluent leaving the WWTP. Indeed, average dissolved O2 at both contaminated sites (Table 1) exceeded that expected for air-saturated water
at the temperatures measured (Boutilier et al., 1984), suggested that the
water was super-saturated during the daytime photophase when the
measurements were obtained. Of the 24 pharmaceuticals, pharmaceutical metabolites, and personal care products that we measured in the
water, 18 were detected at the contaminated sites (Table 2). This included food products, several anti-depressants and their metabolites,
several beta-blockers, and various other PPCPs. Only 2 compounds
were detected at the control site (sucralose and the lipid regulator
gemfibrozil), but concentrations were lower than at the contaminated
sites.

3.4. Organ and tissue phenotypes
Organ sizes were altered in fish from the site contaminated by
wastewater effluent (Fig. 4). There were no statistically significant effects of site or caging on body mass, but relative brain mass was ~50%
smaller in wild-caught (but not caged) fish from the contaminated site.
Relative liver mass was ~30–35% larger and relative heart mass was
~30–38% larger in both wild-caught and caged fish from the contaminated site, and there were no significant effects of caging on these
traits. Haematocrit was lower overall in caged fish than in wild fish, but
there were no differences between fish from the clean and contaminated sites (Table 3).
The activities of cytochrome c oxidase (COX; complex IV of the
mitochondrial electron transport system) and citrate synthase (CS; an
enzyme in the tricarboxylic acid cycle) per gram of liver tissue (i.e.,
specific enzyme activities) were similar across groups, as reflected by
the lack of any statistically significant effects of site or caging on these
traits (Fig. 5A,C). However, there was a significant effect of exposure

3.2. Survival
Fish that were cage-exposed to the site contaminated by wastewater
effluent had reduced survival (Fig. 2). Mortality was low (~5%) over
the first 3 weeks of caging at the clean site, but appeared to increase
modestly between the third and fourth weeks. Fish that were caged at
the site contaminated by wastewater effluent had higher mortality,
such that survival was only 57% ± 12% (mean ± SE) after 4 weeks of
exposure.
3.3. Metabolism
Resting rates of metabolism, as reflected by whole-animal O2 consumption rates (MO2), were increased in fish from the site contaminated by wastewater effluent (Fig. 3A). There was a statistically
5

Comparative Biochemistry and Physiology, Part C 224 (2019) 108562

S.N.N. Du, et al.

Fig. 3. Resting metabolic rates were
increased by exposure to wastewater
effluent in both wild-caught fish and
caged fish. (A) Resting rates of O2
consumption (MO2) (fixed effect of
contaminant exposure, F = 5.175,
⁎
η2 = 0.086,
P = 0.030;
caging,
F = 0.066, η2 = 0.014, P = 0.799;
body mass, F = 7.269, η2 = 0.176,
P = 0.011). (B) Maximal MO2 (contaminant
exposure,
F = 1.356,
η2 = 0.003,
P = 0.253;
caging,
F = 0.068, η2 = 0.025, P = 0.796;
body mass, F = 25.298, η2 = 0.445,
P < 0.0001). (C) Absolute aerobic
scope, the difference between maximal
MO2 and resting MO2 (contaminant
exposure, F = 0.0158, η2 = 0.004,
P = 0.901;
caging,
F = 0.402,
η2 = 0.034, P = 0.531; body mass,
F = 9.137, η2 = 0.225, P = 0.0051).
(D) Factorial aerobic scope, the quotient of maximal MO2 and resting MO2
(contaminant exposure, F = 1.266,
P = 0.269;
caging,
η2 = 0.041,
F = 0.538, η2 = 0.014, P = 0.469;
body mass, F = 0.0002, η2 = 0.000,
P = 0.989). Data are shown as
means ± SE. N are as follows: wild
clean fish, 10; wild contaminated fish,
7; caged clean fish, 9; caged contaminated fish, 8.

site (but not caging) on liver activities of COX and CS per gram of fish
(i.e., product of activity per liver mass and liver mass per body mass)
(Fig. 5B,D). These results suggest that the increase in liver size led to a
comparable increase in the cumulative mitochondrial oxidative capacity of the liver in fish from the contaminated site.
Glycogen content per gram of liver tissue (i.e., specific glycogen
content) was lower in fish exposed to wastewater effluent, as indicated
by the significant effects of exposure site (but not caging) on this
variable (Fig. 6A). This reduction in specific glycogen content was offset
by the differences in liver mass, such that there was no significant effect
of site or caging on the liver glycogen content per gram of fish (Fig. 6B).
Nevertheless, even though the liver increased in size, liver cells may
have partially depleted glycogen reserves in fish from the contaminated
site.

organ in the fish, and helped offset the reduction in specific glycogen
content. Nevertheless, the observed mortality and the considerable reduction in bluegill abundance in the most contaminated areas close to
the WWTP (McCallum et al., 2019) suggest that this species may not be
capable of fully compensating for the detrimental impacts of exposure.
4.1. Metabolic costs of wastewater exposure
Bluegill exposed to WWTP effluent had higher resting metabolic
rates than fish from clean sites, and this pattern was particularly evident in fish that were wild caught at contaminated sites (Fig. 3A). This
suggests that the wild fish experienced a metabolic cost of wastewater
exposure, as we observed in a previous study of bluegill caged near the
same WWTP (Du et al., 2018). It is possible that wild fish move
throughout the gradient of exposure from the area of the WWTP outfall
into the cleaner waters in Cootes Paradise Marsh, and this movement
could have modulated the impacts of WWTP effluent. However, the fish
clearly did not move away sufficiently often to eliminate the metabolic
costs of exposure. Our results therefore contribute to the growing evidence that resting metabolism can be increased by chronic exposure to
a range of chemical contaminants, including WWTP effluent (Du et al.,
2018; Mehdi et al., 2018), crude oil (Pasparakis et al., 2016), organochloride pesticide (dieldrin) (Beyers et al., 1999), and some metals
(Al) (Wilson et al., 1994).
Metabolic costs of wastewater exposure could reduce health and
fitness by increasing food demands. In theory, if fish do not adjust to
higher metabolic demands by increasing food consumption, then
growth and investment in reproduction could be impaired. In fact, food
consumption is often reduced during exposure to toxicants, and combined effects of increased metabolic rate and reduced food consumption
may explain why fish often lose body mass during exposure to

4. Discussion
Effluent from municipal wastewater treatment plants contains a
complex mixture of contaminants and is a major global source of
aquatic pollution. Here, we show that exposure to treated effluent from
a municipal WWTP has a number of implications to energy metabolism
in a common species that is native to North America, the bluegill
sunfish. Exposure increased resting MO2 and appeared to result in energy stress, as reflected by reductions in the specific glycogen content of
the liver, and reduced survival in fish that were caged in effluent-contaminated water. However, physiological compensations appeared to
help offset some of the detrimental impacts in fish that survived exposure. The metabolic cost of exposure did not reduce aerobic scope
due to subtle (though non-significant) changes in maximal MO2.
Exposed fish also had larger heart and liver masses. The increase in liver
size increased the cumulative mitochondrial oxidative-capacity of this
6
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Fig. 4. Organ masses were altered by
exposure to wastewater effluent in
wild-caught fish and caged fish. (A)
Body mass (fixed effect of contaminant
exposure, F = 0.867, η2 = 0.014, P =
0.356; caging, F = 0.068, η2 = 0.001,
P = 0.795). (B) Brain mass expressed
relative to body mass (contaminant ×
caging interaction, F = 6.01, η2 =
0.059,
*P = 0.018;
body
mass,
F = 8.98, η2 = 0.073, P = 0.004). (C)
Liver mass expressed relative to body
mass (contaminant exposure, F =
15.40, η2 = 0.085, *P < 0.001; caging, F = 0.96, η2 = 0.003 P = 0.33;
body mass, F = 46.20, η2 = 0.408,
P < 0.001). (D) Heart mass expressed
relative to body mass (contaminant
exposure,
F = 10.99,
η2 = 0.039,
*P = 0.0017;
caging,
F = 1.07,
η2 = 0.013, P = 0.306; body mass,
F = 69.38, η2 = 0.538, P < 0.0001).
Data are shown as means ± SE. N are
as follows: wild clean fish, 18; wild
contaminated fish, 13; caged clean fish,
14; caged contaminated fish, 12.

copper (McGeer et al., 2000). However, our results suggest that exposure to wastewater effluent (at least that from the Dundas WWTP)
does not reduce aerobic scope in bluegill, due to compensatory physiological adjustments to improve respiratory O2 transport. There appeared to be subtle (though non-significant) variation in maximal MO2
that exhibited a similar pattern to the variation in resting MO2
(Fig. 3A,B), such that aerobic scope was maintained across treatments
(Fig. 3C,D). Fish exposed to WWTP effluent also had larger hearts
(Fig. 4), which may have increased the capacity for circulating blood to
support the metabolism of active tissues. Furthermore, we have previously shown that bluegill caged near the Dundas WWTP have a larger
gill surface area to support O2 uptake compared to those caged at the
clean reference site, along with an increased haemoglobin P50 that may
augment tissue O2 extraction (Du et al., 2018). Therefore, bluegill appear to compensate for the metabolic costs of wastewater exposure with
physiological adjustments that help maintain the aerobic scope available to support routine activities.
The effects of wastewater exposure in the wild might have been
compounded by the higher water temperatures at our contaminated
sites. MO2 measurements were made at a common intermediate temperature of 20 °C (within 3 °C of the average temperatures across all
sites; Table 1), so the immediate kinetic effects of temperature on reaction rates cannot account for the observed differences between
groups. Thermal history may have impacted MO2, but acclimation to
warmer temperatures tends to reduce MO2 when compared at a
common temperature (Schaefer and Walters, 2010; White et al., 2012).
If such an effect of thermal acclimation were to have occurred in
bluegill, it would have reduced rather than accentuated the apparent
increases in MO2 in fish from contaminated sites. However, the warmer
temperatures at contaminated sites may have increased routine activity
and energy expenditure in the field (Kent and Ojanguren, 2015), which
could have accentuated any potential energy deficits that arose as a

Table 3
Haematocrit (%) was reduced by caging, but was unaffected by exposure to
wastewater effluent. Data are shown as means ± SE (N).
Clean site

Contaminated site

Wild-caught fish
40.3 ± 2.6 (18)
39.2 ± 2.4 (12)
Caged fish
31.0 ± 1.4 (14)
30.2 ± 3.6 (10)
Fixed effect of wastewater exposure: F = 0.272, η2 = 0.004, P = 0.604
Fixed effect of caging: F = 14.39, η2 = 0.222, P = 0.0004
Effect of body mass: F = 0.059, η2 = 0.001, P = 0.809

contaminants (Beyers et al., 1999; Mennigen et al., 2010). Although
body size was similar across treatments in the current study, bluegill
exposed to WWTP effluent had lower specific glycogen content in the
liver (Fig. 6A), as previously observed in caged exposures of rainbow
trout to treated WWTP effluent (Ings et al., 2012) and of a characin
species (Prochilodus lineatus) to untreated sewage effluent (Cazenave
et al., 2014). The changes we observed here were not major and still left
exposed fish with more than half of specific glycogen reserves of control
fish, but they could suggest that energy storage is restricted by exposure
to wastewater effluent, which could impair resource investment into
growth and reproduction (Fig. 2).
Metabolic costs of wastewater exposure could also reduce health
and fitness by reducing aerobic scope. Reductions in aerobic scope
could be appreciable if wastewater exposure also reduces maximal
MO2, which could thereby impair locomotory behaviour and performance. For example, juvenile zebrafish that were previously exposed as
embryos to the wastewater produced from hydraulic fracturing exhibited reduced maximal MO2, thus reducing aerobic scope and
swimming performance (Folkerts et al., 2017). Toxicant exposure can
also impair locomotory performance by increasing the metabolic cost of
transport, as observed in juvenile rainbow trout exposed to waterborne
7
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Fig. 5. The effects of exposure to wastewater effluent on the activities of
mitochondrial enzymes in the liver. (A)
Cytochrome c oxidase (COX) activity
per gram of liver tissue (fixed effect of
contaminant
exposure,
F = 0.02,
η2 = 0.001,
P = 0.88;
caging,
F = 1.74, η2 = 0.056, P = 0.20; body
mass, F = 0.00, η2 = 0.000, P = 0.98).
(B) COX activity per gram fish, calculated as the product of relative liver
mass (g liver per g body mass) and COX
activity per gram of liver tissue (contaminant
exposure,
F = 6.54,
η2 = 0.169
*P = 0.016;
caging,
F = 1.84, η2 = 0.053, P = 0.185). (C)
Citrate synthase (CS) activity per gram
of liver tissue (contaminant exposure,
F = 0.42, η2 = 0.006, P = 0.52; caging, F = 0.72, η2 = 0.014, P = 0.40;
body mass, F = 2.12, η2 = 0.065,
P = 0.16). (D) CS activity per gram fish
(contaminant
exposure,
F = 5.37,
η2 = 0.15,
*P = 0.027;
caging,
F = 0.266, η2 = 0.01, P = 0.61). Data
are shown as means ± SE. N are as
follows: wild clean fish, 8; wild contaminated fish, 8; caged clean fish, 9;
caged contaminated fish, 8.

result of wastewater exposure, and thus affected survival and/or the
potential metabolic signals driving changes in whole-body and tissue
metabolism. Other water quality differences at contaminated sites are
not anticipated to have been large enough (i.e., dissolved solids, conductivity, and salinity) or in the right direction (i.e., dissolved O2) to
cause chronic disruption of metabolic rate.

2002). Another possibility is that WWTP effluent contains compounds
that disrupt metabolism directly, thus altering liver and whole-body
metabolism. For example, several of the compounds measured at the
contaminated sites target metabolic or cardiorespiratory processes (e.g.,
lipid regulators, beta-blockers, etc.), and WWTP effluent is known to
contain substances that interact with nuclear receptors regulating metabolism (e.g., pregnane X receptor, thyroid hormone receptor)
(Hakkola et al., 2016; Mughal et al., 2018). These possibilities are not
mutually exclusive and could all contribute to increasing the oxidative
capacity of the liver during exposure to WWTP effluent.

4.2. Wastewater exposure expands liver size and mitochondrial oxidative
capacity
Exposure to WWTP effluent appears to increase the capacity for
energy metabolism in the liver. In the current study, we show that
bluegill exposed to effluent from the Dundas WWTP had larger livers
(Fig. 4C) with a preservation of the specific activity of mitochondrial
enzymes (cytochrome c oxidase, citrate synthase), such that there was
an increase in the cumulative oxidative capacity of this organ in the fish
(Fig. 5). We have previously shown that bluegill exposed to effluent
from the Dundas WWTP also exhibit improvements in the function of
liver mitochondria, including increases in the capacity for oxidative
phosphorylation and decreases in the emission of reactive oxygen
species (Du et al., 2018). Exposure to some other contaminants has also
been shown to increase COX or CS activity in the liver (Gagnon, 2002;
Pandelides et al., 2014), suggesting that increases in the mitochondrial
oxidative capacity of this organ may be a common response of fish to
some forms of aquatic pollution.
The ultimate cause of adjustments in liver size and mitochondrial
oxidative capacity are currently unclear. One possible explanation is
that they are induced by cellular energy limitation and help support the
general energy demands of detoxification; the liver is the main site of
detoxification for many xenobiotics (Burkina et al., 2015), and toxicant
exposure has in some cases been shown to induce concurrent increases
in the activities of cytochrome c oxidase and phase I detoxification
enzymes (ethoxyresorufin-O-deethylase, EROD) in the liver (Gagnon,

4.3. Effects of caging
There were surprisingly few effects of caging that were statistically
significant. Mortality in fish caged at the clean site was low for the first
3 weeks but did increase thereafter, reflecting a potential detrimental
effect of prolonged caging (Fig. 2). Caged fish also had lower haematocrit than wild fish, but haematocrit was still relatively high across all
groups, and the higher levels in wild fish could have resulted from
exposure to a more variable environment throughout the gradient of
exposure from the WWTP (Table 3). Otherwise, many of the effects of
exposure appeared to be greater in the wild fish than the caged fish
(resting and maximal MO2, liver COX activity), which could have resulted from the differences in activity, stress, duration of exposure, food
consumption, or a range of other factors that likely differed between
wild and caged fish. Nevertheless, fish caging studies are an extremely
valuable technique in aquatic toxicology that provides more experimental control than studies of wild animals in contaminated environments (Oikari, 2006). There are advantages and disadvantages to
studying fish in wild or in caged conditions, and our approach of
studying the effects of exposure in both conditions allows us to overcome the disadvantages of either approach in isolation. The emergent
conclusion from doing so is that exposure to WWTP effluent can have a
8
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